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Vegetation uptake of atmospheric mercury (Hg) is an important mechanism enhancing 
atmospheric Hg deposition via litterfall and senescence. We here report Hg concentration and 
pool sizes of different plant functional groups and plant species across nine tundra sites in 
northern Alaska. Significant spatial differences were observed in bulk vegetation Hg 
concentrations at Toolik Field station (52±9 µg kg-1), Eight Mile Lake Observatory (40±0.2 µg 
kg-1), and seven sites along a transect from Toolik Field station to the Arctic coast (36±9 µg kg-
1). Hg concentrations in non-vascular vegetation including feather and peat moss (58±6 µg kg-1 
and 34±2 µg kg-1, respectively) and brown and white lichen (41±2 µg kg-1 and 34±2 µg kg-1, 
respectively), were three to six times those of vascular plant tissues (8±1 µg kg-1 in dwarf birch 
leaves and 9±1 µg kg-1 in tussock grass). A high representation of nonvascular vegetation in 
aboveground biomass resulted in substantial Hg mass contained in tundra aboveground 
vegetation (29 µg m-2), which fell within the range of foliar Hg mass estimated for forests in the 
United States (15 to 45 g m-2) in spite of much shorter growing seasons.  
Hg stable isotope signatures of different plant species showed that atmospheric Hg(0) was the 
dominant source of Hg to tundra vegetation. Mass-dependent isotope signatures (δ202Hg) in 
vegetation relative to atmospheric Hg(0) showed pronounced shifts towards lower values, 
consistent with previously reported isotopic fractionation during foliar uptake of Hg(0). Mass-
independent isotope signatures (Δ199Hg) of lichen were more positive relative to atmospheric 
Hg(0), indicating either photochemical reduction of Hg(II) or contributions of inorganic Hg(II) 
from atmospheric deposition and/or dust. Δ199Hg and Δ200Hg values in vascular plant species 














subsequent re-emission was relatively insignificant in these tundra ecosystems, in agreement 
with previous Hg(0) ecosystem flux measurements. 
1 Introduction 
Vegetation covers nearly 80% of the global terrestrial surface area (Schulze, 1982). Leaves 
greatly increase surface areas and thereby amplify exchanges of trace gases with the atmosphere 
up to seven times compared to barren ground surfaces (Asner et al., 2003). As such, vegetation 
provides an important terrestrial-atmosphere interface and is an important factor in the cycling 
and exchange of atmospheric pollutants with ecosystems, such as trace metals (Buch et al., 2015; 
Simonich and Hites, 1994), polycyclic aromatic hydrocarbons (Simonich and Hites, 1994), and 
traditional atmospheric pollutants such as ozone, NO2, SO2, and CO (Nowak et al., 2006). For 
mercury (Hg), a global pollutant with a long atmospheric residence time, vegetation plays a 
critical role in atmospheric deposition (Grigal, 2003; Jiskra et al., 2018; Obrist et al., 2011; Wang 
et al., 2016). At individual sites, particularly in forests, studies have long reported that 
atmospheric Hg uptake by aboveground plant tissues contributes significantly to atmospheric 
deposition (Lindberg, 1996; Munthe et al., 1995; Rea et al., 1996). This deposition occurs when 
plant shed leaves (litterfall) and other tissues or die (Grigal, 2003; Obrist et al., 2017; Obrist et 
al., 2011; Obrist et al., 2016; Schwesig and Matzner, 2001). Litterfall deposition of Hg typically 
exceeds Hg inputs by direct wet deposition (Wang et al., 2016; Grigal et al., 2000; Kolka et al., 
1999; Rea et al., 2002). Globally, Wang et al. (2016) estimated a Hg deposition via litterfall of 
1180 ±710 Mg yr-1, which is over 20% of the total global atmospheric Hg burden. The vegetation 
uptake of atmospheric Hg and subsequent transfer to soils is large enough to drive seasonal 
patterns of atmospheric Hg concentrations on a global scale (vegetation Hg pump: Jiskra et al., 














linked to vegetation patterns, with lowest soil Hg concentrations found in barren locations (such 
as deserts) and highest soil Hg levels at sites with dense vegetation cover (Obrist et al., 2016). 
Similarly, soil Hg levels are strongly correlated with organic carbon concentrations across spatial 
scales (Obrist et al., 2011).  
Hg stable isotope signatures are relatively new and powerful tools to assess sources and 
transformations of Hg in the environment.  Atmospheric Hg(0) and Hg(II) in precipitation have 
distinct Hg isotope fingerprints, allowing differentiation of the two major atmospheric deposition 
pathways to terrestrial surfaces. Vegetation preferentially takes up lighter Hg(0) from the 
atmosphere leading to a characteristic mass dependent Hg isotope fractionation during vegetation 
uptake (Demers et al., 2013; Enrico et al., 2016; Yuan et al., 2018). Hg stable isotope studies 
across several ecosystems around the globe revealed that between 60 to 90 % of Hg in vegetation 
and soils originates from atmospheric Hg(0) deposited through vegetation uptake, rather than 
from Hg(II) in precipitation (Demers et al., 2013; Enrico et al., 2016; Jiskra et al., 2015; Wang et 
al., 2017; Zheng et al., 2016). 
Many studies report that the source of Hg found in aboveground tissues of vegetation is 
dominantly derived from atmospheric Hg uptake (Ericksen and Gustin, 2004; Frescholtz et al., 
2003; Grigal, 2003; Hanson et al., 1995; Millhollen et al., 2006; Rutter et al., 2011). Mechanisms 
of plant Hg uptake, however, are still unclear, but likely include both stomatal and nonstomatal 
pathways. Evidence for stomatal uptake can be inferred from i) controlled mesocosm studies 
with different soil and atmospheric Hg exposures (Frescholtz et al., 2003; Millhollen et al., 
2006), ii) observations of diel fluctuations of gaseous elemental Hg(0) uptake along with CO2 
uptake (Millhollen et al., 2006; Obrist et al., 2008) and reductions of leaf Hg content when 














studies of leaves to spiked Hg isotopes (Rutter et al., 2011), and iv) by correlations of leaf Hg 
concentrations with the density of stomata (Laacouri et al., 2013). Non-stomatal uptake pathways 
can be inferred from dark deposition of Hg(0) (Stamenkovic et al., 2008).  
Long-range atmospheric transport of Hg to the Arctic from the lower latitude is considered an 
important source of Hg to the Arctic (Dastoor et al., 2015; Dastoor and Larocque, 2004; 
Durnford et al., 2010; Steffen et al., 2015; Douglas and Sturm, 2004). In addition, the Arctic 
experiences enhanced deposition of atmospheric Hg(II) to snow and ice surfaces during bromine-
induced conversion of Hg(0) to Hg(II) in the coastal atmosphere (termed Atmospheric Mercury 
Depletion Events [AMDEs]), which may provide additional deposition in the tens to hundreds of 
Mg to the Arctic each year (Ariya et al., 2004; Dastoor and Durnford, 2014; Lindberg et al., 
2002; Skov et al., 2004). AMDEs occur during polar sunrise when a series of photochemical 
reactions rapidly oxidizes the dominant atmospheric Hg(0) to oxidized Hg(II) forms, which 
subsequently can deposit rapidly to Arctic snow and ice (Steffen et al., 2008; Moore et al., 2014). 
While Hg deposition from AMDEs can be a significant source, studies suggest that impacts are 
largely limited to near-coastal sites (Douglas and Sturm, 2004; Steffen et al., 2015; Van Dam et 
al., 2016) and that a substantial fraction of deposited Hg can re-emit to the atmosphere prior to 
snowmelt (Douglas et al., 2012; Ferrari et al., 2005; Johnson et al., 2008; Obrist et al., 2017).  
To date, few studies report vegetation Hg dynamics in Arctic and subarctic environments, in 
particular also including bryophytes and lichens which are common plant functional groups in 
Arctic ecosystems (Campioli et al., 2009). In this study, we provide a detailed investigation of 
the role of vegetation in Arctic tundra Hg cycling. The study is part of a sequence of Hg studies 
from the northern Alaskan tundra recently providing information on terrestrial and soil Hg 














showed that soils and permafrost layers contain an enormous amount (up to 1656 Mg) of Hg. 
Obrist et al. (2017) used a combination of stable Hg isotope analyses and direct flux 
measurements to show that Hg(0) deposition dominated (71%; 6.5 µg m-2 yr-1) as a source of Hg 
in the interior Arctic tundra, rather than deposition via precipitation (~ 5%; 0.2 µg m-2 yr-1) or by 
AMDEs (~24%; 2.5 µg m-2 yr-1). They also indicated a dominant role of vegetation to drive 
Hg(0) deposition to the tundra, as shown by the strongest Hg(0) deposition rates after the spring 
onset of the tundra vegetation primary productivity. Olson et al. (2018) provided detailed data on 
active-layer tundra soil Hg concentrations and dynamics highlighting differences and sources in 
various soil horizons and showed that tundra soils, in particular B-horizons, contain large pools 
of Hg (184 Mg in the active layer). Agnan et al. (2018) examined Hg dynamics in wintertime 
snowpack across two winter seasons in the tundra providing evidence of consistently low 
concentrations of total and dissolved Hg and showing that photochemical reduction of Hg(II) to 
Hg(0) was largely absent at this site. In this study, we investigate vegetation Hg dynamics across 
multiple tundra sites and seasons in ten sites Arctic and subarctic Alaska, including a 200 km 
northern Alaska interior-to-coastal transect. We analyzed Hg vegetation concentrations in 
different plant functional groups and plant species in multiple tundra ecosystems; studied the 
temporal development of plant tissue Hg concentrations and spatial patterns using transect sites 
from inland areas to the Arctic coast; measured stable Hg isotope values in order to assess the 
origin and transformation of Hg within vegetation tissue; used analyses of key major and trace 
elements to further constrain sources and associations of Hg with other elements; calculated 
pools sizes and turnover (i.e., annual inputs) based on annual productivity and biomass 
inventories; and compared concentration and pools sizes of northern tundra vegetation with those 














2 Materials and Methods 
2.1 Study Sites 
Bulk vegetation samples and individual species were collected from nine study sites shown in 
Figure 1. The sites, which are described in detail in Olson et al. (2018), included: Toolik Field 
station in northern Alaska (68° 38' N, 149° 36' W); a transect of seven sites along a 200-km 
stretch of the Dalton Highway between Toolik Field station and Deadhorse near the Arctic 
Ocean; and a site located at Eight Mile Lake Observatory (EMLO) near the northeast corner of 
Denali National Park (63º 52' 42”N, 149º15' 12”W). The average tundra growing season in this 
region ranges from 50 days near the coast to 100 days near Toolik Field Station (Chapin and 
Shaver, 1996). 
2.2 Sample collection 
Vegetation Hg concentrations were determined from samples collected during the growing 
seasons of 2014, 2015, and 2016. Bulk vegetation samples were collected at all sites, and 
individual tundra species were collected as follows: at the main site at the Toolik Field station, 
we collected six different species including: Carex aquatic (tussock grass), Betula Nana (dwarf 
birch) leaves, Masonhalea richardsonnii (brown lichen), Cetraria islandica (white lichen) 
Hylocomium splendens (feather moss) and Sphagnum (peat moss). Four of the same species 
(tussock grass, dwarf birch, white lichen, and peat moss) were collected at EMLO. One of the 
species, tussock grass, was collected along with bulk vegetation along seven sites on northern 
transect along the Dalton Highway. Sampling always included four replicate samples at each 
site. For temporal patterns, samples were collected from four species (dwarf birch, tussock grass, 














station to assess changes in plant Hg concentrations throughout the growing season. In addition 
to vegetation, organic surface soil horizons were sampled at each site (Olson et al., 2018). All 
samples were collected using clean latex gloves and were either hand-picked or cut using 
stainless steel scissors washed with deionized water, and samples were double-bagged in plastic 
zip-lock bags and stored on ice until transport to the laboratory where samples were kept frozen 
at -20˚C until analysis. 
2.3 Sample preparation and analytical methods 
Vegetation samples were oven-dried in a stainless steel drying oven (Lindberg Blue M Premium 
3055, Thermo Fisher Scientific, Waltham, Massachusetts, USA) at 65 ̊C until weights of samples 
stabilized, generally after five days. Drying vegetation and soil temperatures at this temperature 
has shown not to result in Hg loss (Hojdová et al. 2015; Yang et al., 2017). Also note that 
samples were not washed prior to drying. After that, samples were ground using a stainless steel 
coffee mill. Samples were analyzed for Hg concentration using a total Hg analyzer (Model 
Nippon MA-2000, AGS Scientific Inc., Texas, USA) in accordance with U.S. EPA Method 7473 
(EPA, 1998). The analyzer was calibrated using standard solutions (100 µg L-1 and 10 µg L-1) 
prepared according to EPA Method 1631 (EPA, 2002). National Institute of Standards and 
Technology (NIST) solid standard reference materials (# 1575: Pine leaves: 39.9 µg Hg kg−1; 
and # 1515: Apple Leaves: 44.4 µg Hg kg−1) were measured at the beginning of each analytical 
run and repeated after every ten samples. When analysis of NIST standards deviated more than 
5% from their values, the analyzer was recalibrated and samples run after the last acceptable 
NIST samples were re-run. All samples were analyzed in duplicates, and the arithmetic mean of 














All samples from all sites also were analyzed for total carbon (TC) and total nitrogen (TN) at the 
Soil Forage and Water Analysis Laboratory at Oklahoma State University using a LECO dry 
combustion procedure (LECO, St. Joseph, MI). Other major and trace element concentrations in 
vegetation and soils from Toolik Field station included Mn, Cu, Zn, As, Br, Rb, Sr, Pb, Al, S, Cl, 
K, Ca, Cr, V,  Y, Ti, Fe, Ni, and Si were measured by XRF analysis (Model Epsilon 5 Energy 
Dispersive X-Ray Spectometer, PANalytical, Netherlands). Using a resuspension technique 
(Chow et al., 1994), samples were loaded onto Teflon® filters. For filter analysis, EPA method 
IO 3.3 was used (U.S. EPA, 1999), and QA/QC procedures used are described in Chow et al., 
1994. An energy-dispersive XRF miniprobe multi-element analyzer (EMMA, Cheburkin and 
Shotyk 1996) was used to measure major and trace elements in vegetation and soil samples 
collected along the Dalton Highway Transect sites. The EMMA analyzer was calibrated using 
certified reference materials. 
2.4 Hg stable isotope analysis 
We analyzed Hg stable isotope signatures using cold vapor multi-collector inductively coupled 
plasma mass spectrometry (MC-ICP-MS) as described previously (Enrico et al., 2016; Sun et al., 
2013). In brief, dried and milled vegetation samples were combusted in a two-stage oven system 
and Hg was quantitatively recovered in an oxidizing acid trap (94 % ± 17 % recovery). Between 
0.3 and 2 g (average 0.9 g) of plant material was processed and trap solutions were diluted to final 
concentrations of 0.5 and 1 ng/g, which corresponded to 202Hg beam voltages of 0.2 and 0.4 V, 
respectively. Hg isotope ratios were measured using MC-ICP-MS (Thermo-Finnigan Neptune) at 
the Observatoire Midi-Pyrenees, France. Mass dependent fractionation (MDF) is expressed in 
delta notation (δ) relative to the bracketed NIST 3133 Hg standard: 
δxxxHg = (xxx/198Hgsample/
 xxx/198HgNIST3133 -1) x10














where ‘xxx’ represents the mass of the measured Hg isotopes; 199, 200, 201, 202 and 204. Mass 
independent fractionation (MIF) is reported in capital delta (Δ) notation, representing the deviation 
of the measured delta values from the expected Mass dependent trend:  
ΔxxxHg = δxxxHg - βxxx x δ
202Hg    (2) 
where δxxxHg represents the measured MDF value and βxxx represents the kinetic mass-dependent 
scaling factors of 0.252 for 199Hg, 0.502 for 200Hg, 0.752 for 201Hg and 1.493 for 204Hg. The 
measurement uncertainty was assessed by repeated analysis of an in-house standard during the 
measurement sequences. The long-term reproducibility of the ETH-Fluka standard over the time 
period from 2016 to 2017 was δ202Hg, = 1.45±0.19‰, Δ199Hg = 0.08±0.1‰, Δ200Hg = 0.02±0.1‰, 
0.03±0.1‰, -0.03±0.2‰ (2σ, n=73) which agreed with previously published values (Jiskra et al., 
2015; Smith et al., 2015). To assess the performance of the overall sample pre-concentration and 
measurement procedure the standard reference material BCR-484, Lichen was repeatedly 
measured and results of δ202Hg, = 1.52±0.24‰, Δ199Hg = -0.62±0.06‰, Δ200Hg = 0.08±0.03‰, 
Δ201Hg = -0.63±0.06‰, Δ204Hg =-0.17±0.10‰ (2σ, n=5) agreed well with previously published 
values (Enrico et al., 2016; Estrade et al., 2010). 
Using a mixing model, we calculated bulk vegetation Hg isotopic signatures using measured 
isotopic signatures of the different plant species collected at the site with their fraction of 
aboveground biomass (see 2.4) as follows:  
δ 202Hg(bulk) = f1 * δ
 202Hg(f1) + f2 * δ
 202Hg(f2) + f3 * δ
 202Hg(f3) + f4 * δ
 202Hg(f4) 
Δ200Hg(bulk) = f1 * Δ
200Hg(f1) + f2 * Δ
200Hg(f2) + f3 * Δ
200Hg(f3) + f4 * Δ
200Hg(f4) 
Δ199Hg(bulk) = f1 * Δ
199Hg(f1) + f2 * Δ
199Hg(f2) + f3 * Δ















where, f1, f2, f3, and f4 represent fractions of biomass for lichen, moss, grass, and dwarf birch. 
2.5 Aboveground Biomass and Plant Hg Deposition  
To estimate annual turnover of vegetation Hg and standing aboveground biomass pools, data on 
vegetation dynamics (aboveground net primary productivity: NPP; and aboveground vegetation 
biomass) were used from Shaver and Chapin (1991) and combined with measured tissue Hg 
concentrations. The percent abundance of common plant functional groups collected in this study 
was 43% for mosses, 23% for herbaceous leaves, 19 % for grasses, and 15% for lichen (Table 
S1). Annual aboveground plant Hg uptake was estimated using aboveground NPP estimates of 
lichen, bryophytes, graminoids, deciduous, and evergreen plants published in Shaver and Chapin 
(1991), which were multiplied with measured vegetation Hg concentrations for each respective 
functional group. Finally, we calculated standing aboveground vegetation Hg pool by 
multiplying the aboveground biomass by the respective Hg concentration. It is possible, that the 
percent abundance of plant functional groups and respective biomass could have shifted slightly 
since Shaver and Chapin’s (1991) study. 
3 Results and Discussions 
3.1 Vegetation Hg Concentrations in Tundra Functional Groups 
Hg concentrations of bulk vegetation and different plant species collected at Toolik Field Station 
in Alaska are shown in Figure 2. Mean vegetation Hg concentrations across all sites were as 
follows (from lowest to highest): dwarf birch leaves (8±1 µg kg-1), tussock grass (9±1 µg kg-1), 
white lichen (32±3 µg kg-1), peat moss (34±2 µg kg-1), brown lichen (41±2 µg kg-1), and feather 
moss (58±6 µg kg-1). Mean bulk vegetation measurements across the sites averaged 46±7 µg kg-














plants (i.e., tussock grass and dwarf birch leaves) and highest concentrations in nonvascular 
plants (i.e., lichen and mosses).  
Differences in Hg concentration observed among collected plant species were relatively 
consistent across the multiple sites investigated. At Toolik Field Station, Hg concentrations of 
the nonvascular white lichen (39±3 µg kg-1), brown lichen (43±1 µg kg-1), and feather moss 
(63±3 µg kg-1) were three to six times higher than those of vascular plant tissues (i.e., dwarf 
birch leaves: 13±0.4 µg kg-1; tussock grass: 12±1 µg kg-1). At the EMLO, Hg concentrations 
were 5-19 times higher in the nonvascular peat moss (38±2 µg kg-1) and white lichen (25±1 µg 
kg-1) compared to dwarf birch leaves (5±0.1 µg kg-1) and tussock grass (2±0.4 µg kg-1). Such 
differences were also observed across the Dalton Highway Transect with about four times higher 
Hg concentrations in peat moss (37±2 µg kg-1) compared to tussock grass (10±1 µg kg-1). 
Higher Hg levels in mosses and lichen compared to vascular plants are commonly observed in 
northern areas and have been reported in the literature, and perennial plants generally show 
higher Hg concentrations compared to annual plants (Rasmussen et al., 1991; Hall and Louis 
2004; Obrist et al., 2012). Hall and St. Louis, (2004) observed higher Hg concentrations in 
mosses (53-94 µg kg-1) and in lichen (33 µg kg-1), compared to birch leaves (7 µg kg-1), pine 
needles (14 µg kg-1), and herbaceous and shrub plants (6-27µg kg-1) in northwestern Ontario. 
Analysis of over 400 vegetation samples in southern Ontario, Canada showed significantly lower 
Hg concentrations in vascular tree needles tissues (7-14 µg kg-1) compared to nonvascular plants 
including mosses (30-75 µg kg-1), lichen (37 µg kg-1), and fungi (144 µg kg-1) (Rasmussen et al., 
1991). Landers et al., (1995) reported lichen and moss Hg concentrations from 20 to 112 µg kg1 
and Hg concentrations in feather moss of 55 µg kg-1 across northern Alaska sites. Samples of 














showed total Hg concentration of 113 µg kg-1 (Drbal et al., 1992). More recent measurements of 
Hg concentrations in moss and lichen across tundra sites in Greenland found Hg levels ranging 
from 30 to 540 µg kg-1 (Wojtun et al., 2013). In summary, these studies report overall similar 
patterns of concentrations across functional groups in northern ecosystems, with vascular plant 
concentrations roughly in the range of 5 to 25 µg kg-1, moss concentrations in the range of 30 to 
80 µg kg-1, and lichen concentrations in the range of 30 to 120 µg kg-1. 
In Figure 3, we summarized Hg concentrations using Kernel density plots of Arctic vegetation 
Hg concentration from this study and six additional published Arctic studies with a total of 150 
samples, separated by different functional groups including grasses, leaves, mosses, and lichen. 
Our best estimate of concentrations for lichen (n=46) ranged from 23 ̶ 186 µg kg-1 with a mean 
and standard deviation of 64±6 µg kg-1. Moss Hg concentrations (n=40) were similar, ranging 
from 19 ̶ 195 µg kg-1 with a mean and standard deviation of 59±6 µg kg-1.  
Non-vascular plants such as lichen and mosses lack a vascular and developed root system; 
therefore, they accumulate water, nutrients, and metals from the atmosphere alone (Rühling et 
al., 1987; Shahid et al., 2017). Additionally, their large surface area allows substantial 
accumulation of heavy metals from the atmosphere (Shahid et al., 2017). Non-vascular plants 
can live for decades, thus prolonged exposure may lead to a high accumulation of metals (Holt 
and Bench, 2008; Riis et al., 2014; Willkomm et al., 1992). Lichen and mosses have been used 
as bioindicators of atmospheric trace metals (Rühling et al., 1987; Steinnes, 1995); for example, 
heavy metal concentrations in the lichen thalli are known to correlate with their atmospheric 
levels (Bari et al., 2001; Sloof, 1995).  However, the application of lichen and mosses as passive 
monitors for Hg is limited (Berg and Steinnes, 1997; Dunec, 2008; Ikingura and Akagi, 2002; 














gaseous form and that different exposures to solar radiation causes different levels of 
photochemical re-emissions after deposition. Vascular plant uptake mechanisms include stomatal 
and non-stomatal uptake as well as possible xylem and phloem transport (Shahid et al., 2017). 
Yet, it has been conclusively shown that Hg in aboveground biomass in vascular plants also 
originates largely from atmospheric Hg uptake with little root contributions. Stable Hg isotope 
studies clarified that atmospheric Hg(0) accounts for the majority of Hg found in foliage 
(Demers et al., 2013; Enrico et al., 2016; Jiskra et al., 2015; Obrist et al., 2017; Zheng et al., 
2016, see also section below). Vascular plants analyzed at our sites (tussock grass, dwarf birch 
leaves) are annuals that incorporate atmospheric Hg into their tissues for only one growing 
season before senescence, possibly further explaining their relatively lower tissue Hg 
concentrations compared to non-vascular tissues.   
Wang et al. 2016 summarized vegetation Hg concentrations across 168 sites globally and 
estimated a mean vegetation Hg concentration of 54±22 µg kg-1. Hence, the mean bulk 
vegetation Hg concentrations across all Alaska tundra sites (46±7 µg kg-1) was similar to Wang 
et al.’s estimate of forest foliage in North America (43±12 µg kg-1). Our data provides evidence 
that vascular vegetation Hg concentrations in the Arctic tundra is similar to that in forested areas 
across temperate sites, in spite of exposure to remote atmospheric Hg levels and substantially 
shorter growing seasons. 
3.2 Spatial variability of Hg in vegetation and across central and northern Alaska 
Spatially, bulk vegetation Hg concentrations were highest at Toolik Field station with a mean of 
52±9 µg kg-1, lower at EMLO (40±0.2 µg kg-1) and lowest across the seven northern transect 
sites north of Toolik Field Station (30±5 µg kg-1). Spatial differences in bulk vegetation Hg 














example, moist nonacidic tundra and moist acidic tundra are more common closer to the Brooks 
Range and wet sedge tundra are more common closer to the coast (Muller et al., 1999). However, 
decreases in Hg concentrations also were observed for the species that were collected across 
multiple transect sites. For example, compared to Toolik Field station, Denali species showed Hg 
concentrations that were 49% lower in dwarf birch, 19% lower in tussock grass, 33% lower in 
white lichen, but in contrast 50% higher in peat moss. A paired t-test showed these decreases 
between sites to be statistically significant (tussock grass, white lichen, and peat moss: P < 0.05; 
dwarf birch: significant only the 10% confidence level, P = 0.07). Generally, higher vegetation 
Hg concentrations at Toolik Field station (with the exception of peat moss) was in contrast to our 
expectations of lower plant Hg concentrations in the more remote northern tundra being farther 
from anthropogenic pollution sources (Jaeglé et al., 2010). 
Across the 200 km northern tundra transect, vegetation Hg concentrations showed substantial 
concentration variability. Mean bulk vegetation Hg concentrations significantly decreased with 
latitude by 24% (paired t-test: P < 0.01,  Fig. 4), and highest bulk vegetation Hg concentrations 
were observed near the Brooks Range and Sagwon Hills area and lowest at sites nearer to the 
coast. The patterns contrasted our expectations that vegetation Hg concentrations would increase 
towards the Arctic coast due to potential impacts of AMDEs. This is consistent with minor 
impacts of AMDEs observed at Toolik Field station using direct deposition measurements and 
stable Hg isotope data (Obrist et al., 2017). It is further consistent with minor impacts of AMDEs 
observed in snowpack Hg levels in interior snowpack: for example, Douglas et al. (2004) 
observed a sharp decrease in snow Hg concentrations less than 30 km from the Alaskan Arctic 
coast, and Agnan et al. (2018) measured no enrichment of snowpack Hg concentration at surface 














Reasons for decreased Hg concentrations in bulk vegetation with increasing latitude may include 
a shorter growing season in northern sites (e.g., snowmelt has been estimated about nine days 
later in the coastal plains compared to the foothills near the Brooks Range (Narasimhan and 
Stow, 2010) or differences in plant productivity and plant species composition across sites.  
Other studies reported different coastal-to inland gradients of Hg loadings: for example, along 
the northern Norwegian coast, significant gradients in vegetation Hg concentrations were 
observed and attributed to different atmospheric Hg deposition, with substantially higher total 
Hg in moss collected along the coast compared to those collected further inland (Steinnes et al., 
2003; Steinnes and Sjobakk, 2005). Bargagli et al. (2005) and Carignan and Sonke, (2010) 
reported elevated Hg concentrations in coastal lichen and mosses compared to inland sites. 
Although Hg levels in tundra vegetation did not increase towards the coast in our study, we 
observed that coastal proximity led to increases of other trace elements associated with coastal 
sources. XRF spectroscopy analysis of vegetation samples showed 2-10 times enrichment of K, 
Sr, S, Br, S, Cl, and Zn at the transect site closest to the ocean, and many of these elements are 
commonly associated with coastal and oceanic sources (Derry and Chadwick, 2007; Nakano et 
al., 2012; Reimann et al., 2009). Additionally, some of these elements are susceptible to 
transportation during weathering processes because of their high solubility (Carling et al., 2017; 
Santolaria et al., 2017). 
Our data also provide evidence that dust may have contributed to spatial differences. At sites 
where vegetation was high in Hg along our transect (Fig. 4, sites 1, 4, and 5), we 
correspondingly observed higher abundances of elements associated with dust (Fig. S1; i.e., Fe, 
Ti, V, and Ni; (McTainsh and Strong, 2007; Santelmann and Gorham, 1988)). Using linear 














elements with Hg, in particular for V (r2=0.86; P<0.01) and Ti (r2=0.85; P<0.01), and also for Si 
(r2=0.52; P<0.01), Ni (r2=0.34; P=0.01), Y (r2=0.53; P<0.01), and Fe (r2=0.47; P<0.01). When 
assessing spatial gradients of V and Ti, these elements showed close similarities with the 
distribution of Hg following the same order of concentrations across sites (Fig. S1). We propose 
that wind remobilization of loess from soils and glacial deposits may redistribute dust elements, 
including Hg, across the Arctic coastal plain. Vegetation sampling was performed at the end of 
the growing season in August when surface tundra soils were driest. In addition, the transect sites 
were located within several hundred meters to one kilometer from the Dalton Highway, a 
commercial route for transport to the Prudhoe Bay oil fields whereby truck traffic may have 
mobilized dust. Dust inputs have been shown to be an enrichment sources of trace and heavy 
metals to vegetation (Brumbaugh et al., 2011; Ram et al., 2014; Shotyk et al., 2016). For 
instance, in Shotyk, et al. (2016) heavy metals within peat moss in bogs of northern Alberta were 
highly correlated with dust inputs from the nearby Athabasca Bituminous Sands region. 
3.3 Evolution of Vegetation Hg Concentration over the Growing Season 
Early and late season sampling of tundra vegetation in 2015 and 2016 showed substantial 
increases in Hg in foliar tissues within the short tundra growing season, which rarely lasts more 
than 100 days (Chapin and Shaver, 1996). Between June/July sampling versus 
August/September sampling, dwarf birch leaves, tussock grass, white lichen, and feather moss all 
showed increases in plant Hg concentrations, ranging from +1 µg kg-1 in tussock grass to +23 µg 
kg-1 in white lichen (Fig. 5). Dwarf birch showed the highest increase in Hg concentrations 
(+61%) followed by white lichen (+43%), feather moss (+26%), and tussock grass (+11%). 
Paired t-test showed these seasonal increases to be statistically significant for dwarf birch, white 














concentration increase was 0.12 µg kg-1 day-1 for dwarf birch, 0.38 µg kg-1 day-1 for white lichen, 
and 0.23 µg kg-1 day-1 for feather moss. Increases in Hg concentrations in plant foliage during the 
growing season has been observed in many temperate studies, including in grasses (Millhollen et 
al., 2006; Rea et al., 2002) and tree species (Ericksen et al., 2003; Rasmussen, 1995; Rea et al., 
2002). For example, concentrations of Hg in forest foliage increased 10-fold from springtime 
bud break to autumn litterfall (corresponding to approximately 0.29 µg kg-1 day-1) in deciduous 
trees in Vermont and Michigan (Rea et al., 2002). Rasmussen (1995) observed that Hg 
concentrations more than doubled in pine needles of balsam fir (Abies balsamea) and in white 
spruce (Picea glauca) across a 160-day growing season, with daily Hg enhancement of 
approximately 0.1 µg kg-1 day-1 in spruce needles and 0.07 µg kg-1 day-1 in fir needles. Our 
observed Hg increases in tundra vegetation ranging from 0.12-0.38 µg kg-1 day-1 thus fell within 
the similar range observed in temperate forests sites (0.07-0.29 ng g-1 day-1).  
3.4. Hg Stable Isotopes in Tundra Vegetation 
Mass-dependent (δ202Hg, MDF) and mass-independent (Δ199Hg, MIF) signatures are widely used 
to constrain Hg sources, fate, and bioaccumulation (Bergquist and Blum, 2009; Blum et al., 
2014; Obrist et al., 2017; Sonke, 2011; Yin et al., 2016; Yin et al., 2014). Hg stable isotopes 
allow for differentiation between foliar uptake of atmospheric Hg(0) and Hg(II) wet deposition 
and thus provide important information on the deposition pathway (Demers et al., 2013; Enrico 
et al., 2016; Jiskra et al., 2015). Reduction of Hg(II) to Hg(0) can lead to a revolatilization of Hg 
which is associated with characteristic stable isotope fractionation trajectories (Bergquist and 
Blum, 2007; Kritee et al., 2007; Blum et al., 2010; Zheng and Hintelmann, 2010a; Zheng and 














We measured δ202Hg, Δ199Hg and Δ200Hg of different plant species collected at the Toolik Field 
Station, which included feather moss, brown lichen, white lichen, tussock grass, and dwarf birch 
leaves to investigate the source of Hg deposition and re-emission processes. Hg isotope 
signatures of individual plant species are compared to bulk vegetation, Hg(II) in wet deposition 
and atmospheric Hg(0) previously reported for the same site in Obrist et al., (2017). Based on an 
endmember mixing model using triple isotopic signatures, Obrist et al., (2017) showed that 
approximately 90% of Hg in bulk vegetation at Toolik Field station was derived from 
atmospheric Hg(0). Overall, δ202Hg, Δ199Hg and Δ200Hg values for all vegetation samples ranged 
from -1.95 to -0.52 ‰, -0.41 to 0.71 ‰, and -0.07 to 0.16 ‰ respectively (Fig. 6).  
In regards to MDF, mean δ202Hg values followed the order (from heaviest to lightest): brown 
lichen (-0.72±0.06 ‰) > white lichen (-0.89±0.08 ‰) > tussock grass (-1.29±0.13 ‰) > dwarf 
birch leaves (-1.39±0.13 ‰) > feathermoss (-1.42±0.07 ‰) > bulk vegetation (-1.43±0.08 ‰). 
Such differences in δ202Hg values of species relative to atmospheric Hg(0) may be explained by  
different uptake mechanisms which are associated with different fractionation factors (i.e., 
stomatal, nonstomatal, or by diffusion (Koster van Groos et al., 2014; Stamenkovic and Gustin, 
2009); or alternatively by different contributions of atmospheric Hg(II) (see discussion below). 
Uptake of atmospheric Hg(0) into vascular plants results in large shifts in δ202Hg values because 
plants preferentially take up light Hg isotopes (Demers et al., 2013; Enrico et al., 2016; Sun et 
al., 2017; Yin et al., 2013; Yuan et al., 2018). Demers et al. (2013) observed that foliar uptake of 
atmospheric Hg by aspen foliage induced a large (-2.89 ‰) shift in δ202Hg values compared to 
Hg(0). More recently, Sun et al. (2017) measured δ202Hg ranging from -2.67 to -0.87 ‰ in 
tissues of mangrove plants collected in China. Enrico et al. (2016) derived a fractionation factors 














and lichen at a Pinet bog in the French Pyrenees.  In our study, δ202Hg values of vegetation 
relative to atmospheric Hg(0) showed shifts of -2.09 ‰ in feather moss, -2.06 ‰ in white lichen, 
-1.96 ‰ in dwarf birch, -1.56 ‰ in tussock grass, and -1.39 ‰ in brown lichen. However, 
simple determination of enrichment factors relative to atmospheric Hg(0) does not account for 
possible contributions of Hg(II) deposition or isotopic fractionation during post deposition 
processes. 
In regards to MIF, mean Δ199Hg values overall were positive in brown lichen (0.23±0.02 ‰) and 
white lichen (0.17±0.11 ‰), whereas all other samples exhibited negative Δ199Hg values (e.g. 
feathermoss: -0.11±0.02 ‰; tussock grass: -0.06±0.04 ‰; and dwarf birch leaves: -0.28±0.03 
‰). Bulk vegetation also showed negative Δ199Hg values (-0.2±0.01 ‰). In comparison, 
atmospheric Hg(0) measured at Toolik Field station showed Δ199Hg values of -0.25±0.07 (n=6; 
Obrist et al, (2017)), so that all but dwarf birch leaves were statistically different from the 
atmospheric Hg(0) signature. Negative shifts in Δ199Hg values relative to atmospheric Hg(0) (by  
-0.1 to -0.3 ‰) have been previously reported for vascular plants (trembling aspen, paper birch, 
sugar maple, sphagnum, e.g., Demers et al., (2013), Zheng and Hintelmann, (2010a), Enrico et 
al., (2017)); these shifts are attributed to photoreduction and re-emission of foliar Hg(II) in 
analogy to laboratory experiments that showed depletions of odd-mass isotopes in residual 
fractions during photochemical reduction of Hg(II) complexed to reduced sulfur thiol groups 
(Zheng and Hintelmann, 2010a). This interpretation has recently been constrained by flux bag 
experiments showing that re-emitted Hg(0) was associated with positive Δ199Hg anomalies 
relative to Hg in foliage (Yuan et al., 2018). Hence, Δ199Hg values of dwarf birch leaves sampled 
at Toolik Field station, which lacked significant shifts of Δ199Hg compared to the atmospheric 














cause significant d in dwarf birch leaves. This would be consistent with a generic absence of re-
emissions of Hg(0) in direct micrometeorological flux measurements at this site, including in 
summer months (Obrist et al., 2017). 
In contrast, we observe positive Δ199Hg in brown and white lichen from Toolik Field station and 
a positive correlation between Δ199Hg and δ202Hg for all data. Most reported data on lichen show 
Δ199Hg values depleted in odd isotopes relative to atmospheric Hg(0) (-0.41±0.28, n=83; 
Carignan et al., 2009; Demers et al., 2013). The reported shift in Δ199Hg in lichen towards more 
negative values is analogue to observations from vascular plants (Demers et al., 2013; Enrico et 
al., 2016) and has been explained by photochemical reduction of Hg(II) bound to thiol groups 
(Zheng and Hintelmann, 2010a). Blum et al. (2013), however, also reported shifts in Δ199Hg 
values towards more positive values relative to atmospheric Hg(0) in lichen collected close to a 
mining and energy production site, possibly attributable to photochemical reduction of Hg(II) 
complexed by non-thiol compounds (Bergquist and Blum, 2007; Zheng and Hintelmann, 2009; 
Zheng and Hintelmann, 2010a). Therefore, positive Δ199Hg values in brown and white lichen 
from Toolik Field station could be explained in two ways: i) photochemically driven re-emission 
of non-thiol bound Hg (Zheng and Hintelmann, 2010a), or ii) binary mixing between Hg(0) 
uptake by foliage and atmospheric Hg(II) deposition (both wet and dry) (Enrico et al., 2016, 
2017). Our limited Hg(II) wet deposition data (n=3) at Toolik supports the binary mixing 
hypothesis, but isotope observations on Hg(II) dry deposition are lacking. Hg input from dust 
deposition is expected to have no significant Δ199Hg and Δ200Hg anomalies similar to geogenic 
Hg measured in rocks at the same site (Obrist et al., 2017). A significant contribution of Hg from 














variability in the plants, however it cannot explain positive Δ199Hg and Δ200Hg values observed 
in brown and white lichen.  
To date, it is thought that Δ200Hg signatures are insensitive to photochemical modification in the 
Earth’s critical zone (Enrico et al., 2016). Δ200Hg can therefore potentially be used to further 
explore the above two hypotheses. Figure 6 shows δ202Hg vs. Δ200Hg in the Hg(II) wet 
deposition (n=3) and Hg(0) end-members and vegetation at Toolik. However, due to small 
Δ200Hg variation relative to analytical uncertainty, and the limited number of end-member 
samples taken only during the dark winter, we cannot currently use Δ200Hg to estimate Hg(II) 
and Hg(0) contributions to vegetation Hg. 
3.5 Estimation of Aboveground Hg pools and Vegetation-Derived Deposition  
To estimate the contribution of plant Hg deposition to tundra soils through senescence and 
litterfall decomposition, we combined data on annual tundra plant productivity and turnover rates 
(Shaver and Chapin, 1991) with measured plant Hg concentrations from the Toolik Field station. 
Table S1 shows aboveground net primary productivity and standing biomass of common tundra 
vegetation types at the Toolik Field station, their respective Hg tissue concentration, and 
calculated aboveground biomass Hg pool. Substantial Hg mass was found to be contained in 
aboveground vegetation (29 µg m-2) which can subsequently be transferred to tundra soils via 
plant senescence and litterfall. Notably, Hg mass estimated to reside in Arctic vegetation falls 
within the range of foliar Hg mass estimated for densely forested ecosystems of the western 
United States (15-45 µg m-2; Obrist et al., 2016). Highest amounts of aboveground biomass were 
associated with mosses (35%) and woody tissues (24%), with lower contributions in graminoids 
(16%), deciduous type vegetation (13%), and lichen (12%) (Table S1). Mosses, in particular, 














aboveground vegetation Hg pool (16.5 µg m-2), approximately four times that of lichen (3.8 µg 
m-2) and six times that of graminoids (3.0 µg m-2). The estimated aboveground biomass 
representation can be independently verified by stable isotope values of different functional plant 
groups. Using a mixing model of the different isotope values reported for different plant 
functional groups above, the calculated isotopic signatures for bulk vegetation agrees well with 
that of measured bulk vegetation (δ 202Hg (-1.31 ‰ vs. -1.43 ‰), Δ199Hg (-0.21 ‰ vs. -0.20 ‰), 
and Δ200Hg (0.00 ‰ vs. -0.02 ‰).  
In Obrist et al., (2017) and in Table S1 we provided estimates of total plant-derived Hg 
deposition via by litterfall of 8 µg m-2 yr-1 and noted that plant-derived deposition greatly 
exceeded deposition via wet deposition (0.2 µg m-2 yr-1) and via AMDEs (2.5 µg m-2 yr-1) at this 
site (Obrist et al., 2017). Our estimated plant-derived Hg deposition of 8 µg m-2 yr-1 was at the 
lower range compared to sites in the lower 48 U.S. states. For example, Risch et al. (2012) 
estimated a median Hg litterfall deposition rate of 12 µg m-2 yr-1 with a range of 4-23 µg m-2 yr-1 
across forests in the eastern United States, and Risch and Kenski, (2018) measured litterfall 
deposition rates between 10-23 µg m-2 yr-1 with a median of 16 µg m-2 yr-1 across five states in 
the Midwestern US. To our knowledge, no study has estimated tundra plant Hg deposition rates 
before. The observed plant-derived Hg deposition associated with tundra vegetation is 
surprisingly high, in particular given the short growing season in this arctic tundra between 50 to 
100 days (Chapin and Shaver, 1996). A critical reason for relatively high vegetation Hg 
deposition across the Arctic tundra likely are relatively high Hg concentrations in lichen and 
mosses and their importance for biomass productivity (e.g., jointly accounting for up to 49% of 















Arctic vegetation plays an important role for Hg dynamics in the arctic and subarctic tundra of 
Alaska. Despite the short growing season and remoteness from pollutant sources, measured 
vegetation Hg concentrations fell within the range of those reported in temperate sites, with Hg 
mass contained in aboveground tundra vegetation (29 µg m-2) being similar to those reported for 
densely forested ecosystems of the United States. This considerable mass of Hg contained in 
tundra vegetation provides a significant pool available for subsequent deposition via litterfall and 
senescence. A reason for relatively high Hg pools in tundra aboveground biomass is a high 
representation of mosses and lichen (accounting for ~ half of total aboveground biomass) with 
inherently high Hg tissue concentrations. Significant spatial gradients exist across various tundra 
sites, with decreasing Hg vegetation concentrations from inland towards the Arctic Ocean, 
providing little evidence of enhanced Hg deposition due to AMDEs. Finally, multi-element 
characterization show that Hg in vegetation was correlated with typical crustal elements (e.g., Fe, 
Ti, V, and Ni) possibly indicating dust as a source of Hg concentration in vegetation.  
Hg stable isotope signatures of different plant species constrained that atmospheric Hg(0) was 
the dominant source of Hg in vegetation. Mass-dependent isotope signatures (δ202Hg) in 
vegetation relative to atmospheric Hg(0) showed pronounced shifts towards lower values 
consistent with previously reported isotopic fractionation during foliar uptake of Hg(0). Mass-
independent isotope signatures (Δ199Hg) of lichen were more positive relative to atmospheric 
Hg(0), indicating photochemical reduction of Hg(II) or higher contributions of inorganic Hg(II) 
from atmospheric deposition and/or dust. In general, however, Δ199Hg and Δ200Hg values in 
vascular plant species were similar to atmospheric Hg(0), suggesting that overall photochemical 
reduction and subsequent re-emission was relatively insignificant in these tundra ecosystems 














Climate warming in the Arctic has led to an increase in the vegetation growing season of about 
one week over the last 30 years (Park et al., 2016). Climate change will continue to lead to shifts 
in the composition, density, and distribution of Arctic vegetation (Bjorkman et al., 2018; Pearson 
et al., 2013; Tape et al., 2006). For example, half of Arctic vegetated areas may experience a 
shift to a different physiognomic class such as an increase in woody cover (Pearson et al., 2013). 
Shrub cover has already increased in northern Alaska over the past 50 years, particularly on hill 
slopes and valley bottoms (Tape et al., 2006). Given strong species-specific differences in tissue 
Hg concentrations, such widespread shifts in Arctic vegetation is likely associated with changes 
in the deposition and cycling of Hg in tundra ecosystems. 
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Figure 1. Research sites used in this study. a. The main research site was a Tussock tundra located at Toolik Field 
Station in northern Alaska. Another site was located at Eight Mile Lake Observatory near Denali National Park in 
interior Alaska.  In addition, seven sites (b.) were chosen along a 200 km transect following the Dalton Highway 
from Toolik Field Station north to Deadhorse, AK near the Arctic Coast.  
Figure 2. Mean mercury (Hg) concentrations (in µg kg-1) in bulk vegetation and different species and functional 
groups across all Alaskan sites including Betula Nana leaves (dwarf birch), Carex aquatic (tussock grass), 
Sphagnum (peat moss), Masonhalea richardsonnii (brown lichen), Bulk Vegetation, and Hylocomium splendens 
(feather moss). Uncertainty is expressed by the standard error bars. 
Figure 3. Density plots, medians, and ranges of mercury (Hg) concentrations in Alaskan Arctic vegetation separated 
for various functional vegetation types, including grasses, herbaceous leaves, moss, and lichen. Data include 
vegetation samples collected in this study and from six published studies (n=150) (Drbal et al., 1992; Landers et al., 
1995; Riget et al., 2000; St Pierre et al., 2015; Steinnes et al., 2003; Wojtun et al., 2013).   
Figure 4. Mean mercury (Hg) concentrations (µg kg-1) in tussock grass (Carex Aquatis) (top panel) and in bulk 
vegetation (bottom panel) from vegetation samples collected across all study sites in central and northern Alaska. 
EMLO stands for Eight Mile Lake Observatory near Denali National Park. Uncertainty is expressed by the standard 
error bars. 
Figure 5. Increases in Hg vegetation concentrations at the Toolik Field station during the summers of 2015 and 
2016. Early season sampling of vegetation was performed in June and July. Late season sampling was performed in 
August and September. Uncertainty is expressed by the standard error bars. 
Figure 6. Mass-dependent (δ202Hg) vs. odd mass-independent (Δ199Hg) (left) and mass-dependent (δ202Hg) vs. even 
mass-independent (Δ200Hg) (right) mercury isotope signatures in different species of tundra vegetation collected at 
Toolik Field Station, including Carex aquatic (tussock grass), Betula Nana (dwarf birch) leaves, Masonhalea 
richardsonnii (brown lichen), Cetraria islandica (white lichen) Hylocomium splendens (feather moss), Sphagnum 
(peat moss), and bulk vegetation. Atmospheric Hg(0) (grey squares) and wet deposition (blue triangles) isotope 
measurements from the Toolik Field station were also included. Values from atmospheric Hg(0), wet deposition and 
bulk vegetation are from Obrist et al. (2017). The error bars shown in the lower left corner represent two times the 

















 Arctic vegetation plays a critical role in the uptake and cycling of Hg into tundra ecosystems 
 Aboveground biomass Hg pools (29 µg m-2) were in a similar range of those measured at 
temperature sites, despite the remoteness and short growing season of the Arctic 
 High bulk vegetation Hg concentrations and pool sizes were attributed to the significant 
contribution of nonvascular plants with high Hg concentrations  
 Stable Hg isotope analysis confirmed dominant Hg(0) source to tundra vegetation with little 
evidence of photochemical Hg(II) reduction and revolatilization  
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